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Abstract: Metal contaminated sediments can be toxic to aquatic organisms and are common in human-dominated ecosystems, which
results in metals being a leading cause of ecosystem impairment. Bioavailability of metals is influenced by their affinity for dissolved and
solid-phase ligands, including iron (Fe) oxyhydroxides, which have been hypothesized to reducemetal toxicity in sediments. The authors
examined the adsorption kinetics of copper (Cu) and nickel (Ni) with goethite (a-FeOOH) and characterized the influences of solute
metal concentration, pH, ionic strength, and humate concentration on steady-state partitioning of the metals with goethite under
conditions representative of natural aquatic environments. Copper and Ni readily adsorbed to goethite, and steady-state partitioning was
achieved within 2 h. Although ionic strength had no effect on metal partitioning, adsorption of Cu and Ni to goethite was enhanced by
alkaline pH and reduced by competition with humate. Because distribution coefficient (KD) values for Cu and Ni from the present study
are comparable to valuesmeasured in natural systems, the authors hypothesize that goethitemay contribute significantly to the adsorption
of both Ni and Cu to particles in the environment. The authors suggest that incorporating binding by Fe oxides in metal bioavailability
models should be a priority for improving risk assessment of metal-contaminated oxic sediments. Environ Toxicol Chem 2015;34:1705–
1710.# 2015 SETAC
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INTRODUCTION
Metal contamination of sediments is a leading cause of
ecosystem impairment as a result of metal toxicity to aquatic
organisms [1,2]. Availability of metals (e.g., copper [Cu], nickel
[Ni], zinc [Zn]) to organisms in sediments and the water column
is influenced by their affinity for solid-phase sulfides, organic
carbon, and metal oxides [3–8], as well as speciation with
dissolved organic and inorganic ligands [9,10]. The current
procedure used by the US Environmental Protection Agency
(USEPA) for estimating metal bioavailability and toxicity in
sediments is the equilibrium partitioning model [11]. The metal
equilibrium partitioning model approach includes acidifying
sediments and determining consequent concentrations of acid-
volatile sulfide and simultaneously extracted metal. Sulfide
complexes attenuate the toxicity of many metals in sedi-
ments [12]; however, whereas the equilibrium partitioning
model approach is useful for predicting nontoxic thresholds for
metals under reducing conditions in sediments, uncertainty
exists in the method due to unaccounted metal binding by
organic ligands and metal oxides.
Metals readily adsorb to iron (Fe) oxyhydroxides [13–17],
which have been hypothesized to reduce metal bioavailability
and toxicity in sediments [8,18]. Goethite (a-FeOOH) is the
most abundant Fe oxyhydroxide in sediments [19,20] and
known to complex divalent metals [14,15,17,21], mostly with
hydroxyl functional groups [22,23]. Small diameter Fe oxy-
hydroxide particles, such as natural goethite (surface area¼ 45–
169m2 g–1) [24], can have a significant concentration of
hydroxyl surface ligands. Most of these ligands are protonated
when the pH of surrounding water is less than the point of zero
net proton charge, which is between approximately 5.9 and 6.7
for goethite [19]. When pH is greater than the point of zero net
proton charge, however, iron oxyhydroxides have net negative
surface charge and a greater abundance of unprotonated
hydroxyl ligands to complex metals.
We experimentally investigated the steady-state partitioning
of Cu and Ni between water and nanoscale goethite by varying
the chemical composition of test solutions to encompass a wide
range of conditions that occur in natural aquatic systems. In the
present study, we were interested in examining the adsorption
kinetics of Cu and Ni with goethite, as well as effects of the
following factors on steady-state partitioning of Cu and Ni with
goethite: 1) solute metal concentration, 2) pH, 3) ionic strength,
and 4) humate concentration, which is an abundant and
environmentally significant (competitive) ligand in natural
waters [25,26]. The goal of the present study was to ascertain
whether goethite may be an environmentally relevant sorbent
for Cu and Ni in natural systems and thereby potentially
attenuate metal toxicity.
MATERIALS AND METHODS
Reagents
Nanoscale goethite rods (0.05–0.15mm diameter, 0.4–1mm
length; Nanostructured & Amorphous Materials) were cleaned
prior to use by immersing in reagent-grade water (resistivity
>18.2MV-cm, pH¼ 7), shaking for 12 h at 150 rpm, decanting
the water, and drying at 60 8C for 24 h. Heating goethite at 60 8C
does not affect either its structure or composition [27,28]. The
size of the goethite particles is representative of those in natural
soils [29] and was selected to be large enough to be separated
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from water by membrane filtration. Cleaned goethite was
analyzed for Ni and Cu so as to later differentiate the amount of
either metal adsorbed during partitioning tests from that which
is native to the mineral matrix as a trace contaminant. Stock
solutions of Ni and Cu for partitioning tests were prepared by
dissolving their dichloro salts (ACS grade) in reagent-grade
water and titrating pH to neutrality with NaOH. Reagent-grade
water was used as the solvent for all experiments, and ionic
strength of experimental solutions was manipulated by adding
either dissolved KCl or CaCl2. Solution pH was adjusted with
either dilute HCl (J.T. Baker Instra-Analyzed) or NaOH (ACS
grade). Sodium humate (Aldrich) was used for competitive
ligand tests with goethite. All reagents added negligible
amounts of Cu and Ni to experimental solutions.
Experimental reactions
Partitioning of Cu and Ni with goethite was investigated
under a variety of experimental conditions by reacting dissolved
metals in 10 mL of water with a known mass of goethite in
15mL polypropylene centrifuge tubes. Goethite was weighed
( 0.01mg) into each tube so that known masses could be used
to calculate distribution coefficients (KD; L kg
1). Unless noted
otherwise, all tests were conducted at ionic strength¼ 1mM,
which is typical of most fresh waters [30]. Moreover, but with
the exception of tests with manipulated pH, the initial pH of all
experimental solutions was circumneutral (6–8). Four repli-
cate tubes were prepared for each experimental treatment: 3 for
analysis of either Cu or Ni in filtered water and adsorbed to
goethite and 1 tube for determining initial and final pH. The pH
electrode was calibrated before each use with buffers traceable
to the US National Institute of Standards and Technology. Each
reaction tube had a total solution volume of 10mL, which
included reagent-grade water, metal standard, KCl or CaCl2 (to
adjust ionic strength), and in some cases, dilute HCl, NaOH, and
humate. Samples were allowed to react for a prescribed time on
a rotary shaker table (150 rpm) at 25.0 0.1 8C.
Reactions were terminated by separating the filter-passing
aqueous phase from particulate goethite. After the reaction
period, tubes were centrifuged at 2500 rpm for 10min.
Supernatant was decanted from the goethite pellet into 12-mL
syringes equipped with luer-lock polycarbonate syringe filter
holders (25mm; Sartorius), encasing either hydrophilic poly-
carbonate membranes (0.01mm pore diameter) or polyether-
sulfone membranes (0.03mm; Sterlitech Corporation), and
filtered into a different tube. Nominal pore diameters of both
filter types were sufficiently small to retain and separate
nanoscale goethite (>0.05mm diameter, >0.4mm length) from
the filtrate. All filtration equipment and sample tubes were
cleaned with HCl and rinsed with reagent-grade water before
use. After centrifugation and filtration, the goethite pellet and
particles retained on the membrane filter were dissolved in
10mL of 1N HNO3 (J. T. Baker Instra-Analyzed) and analyzed
for adsorbed Cu and Ni, whereas the filtrate was acidified to 2%
with HNO3 and analyzed for Cu and Ni in solution.
Determination of nickel and copper
Nickel and Cu in acid-dissolved goethite (i.e., adsorbed) and
filtered water (solute) were determined by inductively coupled
plasma mass spectrometry with a PerkinElmer Elan 9000.
Sample metal concentrations were measured after calibration
with standard solutions traceable to the US National Institute of
Standards and Technology. Quality control analyses included
replicate samples and procedural blanks containing the full
suite of reagents and taken through the reaction, filtration, and
extraction processes. Limits of quantification [30] were less
than sample concentrations. Distribution coefficients (L kg–1) of
Cu and Ni between water and goethite were calculated by
dividing the concentration of metal sorbed to goethite (mol kg–1)
by the solute metal concentration after reaction (molL–1).
Iron in filtered water
Total iron was measured in selected samples of filtered water
(n¼ 65) to confirm that little goethite either dissolved during
the reactions or passed in colloidal form through filtration
membranes. Total Fe in samples and procedural standards
was determined spectrophotometrically with a phenanthroline
method (Standard Method 3500-Fe D) [30]. No colloidal and
dissolved iron was detected in filtrates. The method detection
limit of Fe analysis (8mM) was approximately 1000-fold less
than the concentration of goethite in reaction tubes before
filtration (5mg goethite per 10mL or 6000mM).
RESULTS AND DISCUSSION
Sorbent mass
Adsorption of Ni and Cu to goethite was initially
investigated by reacting a constant initial concentration of
solute Ni (1000 nM) and Cu (10 000 nM)with varyingmasses of
sorbent (5–1000mg per 10mL solution volume) for 24 h. More
than 98% of added metal adsorbed to goethite among all sorbent
mass treatments, illustrating the strong affinity of both metals
for goethite (Supplemental Data, Figure S1). Because sorption
of Cu and Ni to goethite appeared to be independent of sorbent
mass within a range of 5mg to 1000mg at pH greater than the
point of zero net proton charge, all future tests were conducted
with only 5 mg to simplify goethite digestate matrixes and
minimize pH buffering effects of goethite.
Adsorption kinetics
Copper and Ni adsorbed rapidly to goethite, and steady-
state partitioning was achieved within 2 h (Supplemental Data,
Figure S2). Adsorption of Cu and Ni to goethite was examined
with reaction periods ranging from 2 h to 20 d. Distribution
coefficients for the 500-nM and 5000-nM Ni treatments were
within the same order of magnitude throughout the 20-d
period, with KD values in the 500-nM treatment increasing
slightly with time (Pearson, p¼ 0.01; slope¼ 0.015 log KD
d1) and those for the 5000-nM treatment remaining
unchanged over time (p¼ 0.5). Distribution coefficients
for the 5000-nM Cu treatment also were unchanged over
time (p¼ 0.6), suggesting that a steady-state condition was
maintained for at least 20 d.
We attempted to better resolve the adsorption kinetics of Ni
to goethite by terminating partitioning reactions after 0.3min,
2min, 5min, 10min, 15min, 30min, and 120min, followed
immediately by a 10-min centrifugation period and filtration.
Distribution coefficients for Ni after 0.3min of reaction were
comparable to those at the other time periods within the first 2 h
(Supplemental Data, Figure S3). This suggests that adsorption
of Ni to goethite was nearly instantaneous, and steady-state
partitioning may be achieved more quickly than in 2 h, as noted
above. Accordingly, results from all other tests, which were
conducted for 24 h, are presumed to be representative of steady-
state conditions.
Metal solute concentration
Solute concentration isotherms were prepared to estimate
adsorption loading of goethite (5mg) for Cu and Ni. Metal
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concentrations used for these tests ranged from 50 nM to
2.5 106 nM of Ni and from 1 nM to 2.5 105 nM of Cu. Metal
concentrations at the lower end of the test ranges are
representative of those found in natural and contaminated
waters [31,32], whereas those at the high end exceed typical
concentrations in the environment. Nonetheless, the amount of
Cu and Ni adsorbed to goethite increased with initial solute
concentration (Figure 1), even at environmentally unrealistic
metal concentrations, indicating that goethite has a high
capacity for metal adsorption.
We estimated the adsorption loading of nanoscale goethite
for Cu and Ni at the maximum test concentrations. Adsorption
loading (atoms nm–2) of nanoscale goethite was determined
from adsorbed amounts of Ni and Cu according to the following
equation:
Adsorption loading ¼ ðMe=MÞ  SSA N ð1Þ
where,Me is the amount of metal (mol) adsorbed to goethite,M
is the mass of goethite sorbent (g), SSA is the specific surface
area of goethite (4–6 1019 nm2 g–1; Nanostructured & Amor-
phous Materials), and N is Avogadro’s number. The adsorption
loading of goethite with 2.5 105 nM Cu ranged from 1.1 Cu
atoms nm2 to 1.9 Cu atoms nm2. Adsorption loading of
goethite with 2.5 106 nM Ni ranged from 1.7 Ni atoms nm2
to 3.3 Ni atoms nm2. Such loadings are close to the lower range
of surface-site densities on goethite (2.6–16.8 nm–2) [33], which
is the maximum number of binding sites available for metal
complexation. The range of adsorption loadings for nanoscale
goethite estimated from the present study is in good agreement
with an adsorption loading of 1.1 Cu atoms nm2 determined for
micron-scale goethite with 5 105 nM Cu [15].
pH
Steady-state partitioning of Cu and Ni with goethite varied
markedly as a function of pH (Figure 2). Partitioning tests
were conducted with solution pH values ranging from 4 to
10, which bracket the point of zero net proton charge of
goethite (5.9–6.7) [19]. Distribution coefficients of Cu and
Ni were approximately 102 L kg1 at pH 4.3 and increased
exponentially along adsorption edges to an asymptotic value
of approximately 105.5 L kg–1 when pH was greater than
approximately 7.3 (relationships between pH 4.3 and 7.3:
log KD, Ni¼ 0.877 pH – 1.997, r2¼ 0.68; log KD, Cu¼ 1.37
pH – 4.210, r2¼ 0.77). Relationships between the KD values
and pH are consistent with goethite having decreased
availability of surface ligands when the pH is less than the
point of zero net proton charge and greater ligand activity at
higher pH. Greater metal adsorption to goethite at alkaline pH
also may be attributed to relatively more of the Cu and Ni
existing as the CuOHþ and NiOHþ species, which are the ion
pairs hypothesized to preferentially sorb to Fe oxides [34].
Ionic strength
Ionic strengths ranging from those of rainwater (0.02mM) to
that in excess of seawater (1000mM) had no effect on the
partitioning of either Ni or Cu to goethite (Supplemental Data,
Figure S4). Distribution coefficients of both metals were
unrelated to ionic strength when Kþ and Cl were the major
ions in solution (Spearman, p values >0.3). Moreover, the
partitioning of Cu to goethite was not different, whether either
KCl or CaCl2 were used to adjust ionic strength to either 0.1 mM
or 250 mM (Mann–Whitney rank sum, p values >0.05). It was
anticipated that increasing ionic strength, as well as the chloride
concentration, might decrease adsorption of Ni and Cu by
goethite due to competitive complexation of the metals by
chloride; however, chloride concentration had no effect on
partitioning of either Cu or Ni. Similar to the present study, Ni
adsorption to amorphous Fe(OH)3 [35] and cadmium adsorption
to goethite were unaffected by ionic strength [36]. Indepen-
dence of Cu and Ni partitioning as a function of ionic strength
is consistent with both metals associating dominantly with
goethite surface ligands, which appear to be affected insignif-
icantly by ionic strength, as opposed to surface charge
attraction.
Humate
Adding humate as a competitive ligand for complexing Cu
and Ni in solution decreased adsorption of the metals to goethite
(Figure 3) as expected. A relatively low concentration of humate
(0.055 mM) had no effect on either Cu or Ni partitioning with
goethite relative to tests without the ligand (Mann–Whitney
Figure 1. Amount of Cu and Ni adsorbed to goethite (Q 1 standard
deviation) as a function of initial solute metal concentration (C0; 1 nM–
2.5mM) at constant goethite mass (5 mg), pH ¼ 79, and ionic strength ¼
1mM.
Figure 2. Distribution coefficients (KD  1 standard deviation) of Cu and
Ni as a function of pH with a constant goethite mass (5 mg), initial solute
metal concentration (1000 nM Ni, 10 000 nM Cu) and ionic strength
(1 mM). Dashed lines indicate the range of the point of zero net proton
charge of goethite according to Langmuir [19].
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rank sum, p values>0.7). A 0.055 mM concentration of humate
corresponds to a dissolved organic carbon (DOC) concentration
of approximately 5 mM, assuming Aldrich humate contains
approximately 70% carbon by weight [37] and has a molecular
weight of 1630 gmol1 [38], which is either comparable to or
greater than DOC concentrations in most natural surface waters
(0.1–0.7mM) [39] and sediment pore fluids (1–13mM) [40].
Concentrations of humate greater than 0.055 mM resulted in a
decrease of the KD. These results are consistent with the known
affinities of Ni (log K0 ¼ 3–6 at pH ¼ 7 and ionic strength ¼
200mM) [41] and Cu (log K0 ¼ 5 at pH¼ 3.5) [42] for humate,
which by complexing metals can reduce toxicity to aquatic
invertebrates [43]. Moreover, these results illustrate that, at
relatively high concentrations, dissolved organic ligands can
attenuate the potential significance of goethite for binding Cu
and Ni. Humate additions proportionately increased solution pH
(maximum pH ¼ 10 in the 55 mM humate treatment), which
enhances metal binding to goethite (Figure 2), but the increase
of pH did not increase adsorption of Cu and Ni to goethite in the
presence of humate.
The mechanism by which humate attenuated adsorption of
Cu and Ni to goethite is likely by complexing the metals and
keeping them in solution. Organic ligands can themselves
adsorb to metal oxide surfaces and affect apparent metal
partitioning by either complexing metals in a goethite–humate–
metal ternary complex or by physically blocking surface sites of
the metal oxide [44–47]. The observed decrease in metal
adsorption to goethite with increasing humate and pH is
inconsistent with either goethite–metal–humate ternary com-
plexation or humate-blocking surface sites on goethite as being
important because humate adsorption to goethite decreases with
increasing pH [48].
Environmental implications
The environmentally realistic conditions mimicked in the
present study resulted in distribution coefficients for Ni and
Cu with goethite that are comparable to, if not greater than,
summary values reported for natural freshwater/particle
interfaces in the United States. Median log KD values are
4.0 L kg1 for Ni and 4.2 L kg1 for Cu partitioning between
sediment and water [49]. Log KD values for Cu and Ni with
goethite ranged from 3.5 to 5 under laboratory conditions that
were most representative of conditions in natural sediments:
pH ¼ 6 to 8, ionic strength ¼ 1 mM [30], DOC ¼ 1 mM to
13 mM [40], and concentrations of filtered Ni ¼ 10 nM to
1000 nM [50] and Cu ¼ 3 nM to 450 nM [31]. Because KD
values from the present study are comparable to those in natural
systems, we hypothesize that goethite may contribute signifi-
cantly to the adsorption of both Ni and Cu onto sediments that
are composed of a variety of ligands.
The present study suggests that Ni and Cu adsorption to
goethite in natural systems is controlled largely by porewater pH
and competition from other ligands. Therefore, metal adsorption
to goethite will be most prevalent in aquatic environments
having circumneutral to alkaline pH with relatively low
concentrations of organic ligands and reduced sulfur. Surficial
sediments, which are characterized by oxygenated porewaters,
rapid respiration of organic carbon, and low concentrations of
reduced sulfur [51], are a likely location for goethite to be a
significant ligand. Formation of goethite and potentially other
Fe and Mn oxyhydroxides in both surface sediments and the
water column may effectively scavenge other metals from
solution, including porewaters, and reduce their bioavailability,
as observed in sediments incubated under natural stream flow
conditions [8,18]. In environments having a pH less than
neutral, sulfides and organic matter will likely be more
significant solid-phase ligands than goethite for complexing
Ni and Cu and, by extension, other divalent metals. Metal
adsorption by goethite is highly pH-dependent, and natural
changes of solution pH could result in variable metal solubility.
In particular, metal-goethite associations would be expected to
vary as a function of pH/Eh oscillations at the sediment–water
interface [52]. Hence, and in addition to its effect on speciation
of dissolved metals, low pH potentially exacerbates metal
solubility and toxicity. This is a result of its influence on the
complexing capacity of goethite and, by extension, other
minerals with pH-dependent surface ligands and charges.
In addition to improving our understanding of metal
biogeochemistry in sediments, these results provide important
information for the risk assessment of metals in sediments. The
association of metals with solid-phase ligands has long been
recognized as important for attenuating the toxicity of metals to
aquatic biota [53], and many studies have attempted to use
models of metal speciation to better predict toxic thresh-
olds [11,54]. The current models, which account for complexa-
tion by reduced sulfur and organic carbon, have well-known
uncertainty in the thresholds where toxicity is expected
[11,18,54], and some of that uncertainty may be because of
unaccounted binding by Fe oxides. The measured KD for Cu
and Ni complexing with goethite approached the same
magnitude for metals binding to organic matter (median
organic carbon partition coefficient [log KOC]¼ 5.1 L kg1
and 5.5 L kg1 for Ni and Cu, respectively) [49]. This suggests
that the role of Fe oxide may be as important as organic carbon
under certain environmental conditions, particularly alkaline
pH. More accurate estimates of metal bioavailability, therefore,
will require including Fe oxides in the solid-phase ligand pool to
avoid overestimating the concentration of bioavailable metal.
Furthermore, measuring sediment pH would improve predic-
tions of metal bound to organic carbon [54] and oxide surfaces
and should be included in next-generation models of metal
bioavailability. Collectively, characterizing basic sediment
physicochemistry (e.g., pH, redox potential) and accounting
for pools of important metal-binding ligands should allow for a
more robust estimation of metal bioavailability.
Figure 3. Distribution coefficients (KD 1 standard deviation) of Cu andNi
as a function of nominal humate concentration (0.055550mM) at constant
goethite mass (5 mg), initial solute metal concentration (1000 nM Ni,
10 000 nM Cu), pH ¼ 7–10, and ionic strength¼ 1mM.
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